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Editor: Mae Sexauer GustinHardangerfjord is one of the longest fjords in the world and has historical mercury (Hg) contamination from a
zinc plant in its inner sector. In order to investigate the extent of Hg transferred to abiotic and biotic ecosystem
compartments, Hg and monomethylmercury (MeHg) concentrations were measured in seawater, sediment,
and seafood commonly consumed by humans. Although total mercury in seawater has been described previ-
ously, this investigation reports novel MeHg data for seawater from Norwegian fjords. Total Hg and MeHg con-
centrations in seawater, sediment, and biota increased towards the point source of pollution (PSP) and
multiple lines of evidence show a clear PSP effect in seawater and sediment concentrations. Inﬁsh, however, sim-
ilar high concentrationswere found in the inner part of another branch adjacent to the PSP.We postulate that, in
addition to PSP, atmospheric Hg, terrestrial run-off and hydroelectric power stations are also important sources
of Hg in this fjord ecosystem. Hg contamination gradually increased towards the inner part of the fjord for most
ﬁsh species and crustaceans. Since the PSP and the atmospheric Hg pools were greater towards the inner part of
the fjord, it is not entirely possible to discriminate the full extent of the PSP and the atmospheric Hg contribution
to the fjord food web. The European Union (EU) Hgmaximum level for consumption was exceeded in demersal
ﬁsh species including tusk (Brosme brosme), blue ling (Molva dypterygia) and common ling (Molva molva) fromKeywords:
Mercury
Bioaccumulation
Fjords
Seafood safety
Speciation
Norwayh, P.O. Box 1870, Nordnes, Bergen, Norway 5005.
k@hi.no (M.S. Bank).
. This is an open access article under the CC BY license (http://creativecommons.org/licenses/by/4.0/).
623A.M. Azad et al. / Science of the Total Environment 667 (2019) 622–637the inner fjord (1.08 to 1.89mg kg−1ww) and from the outer fjord (0.49 to 1.07mg kg−1ww). Crustaceanswere
less contaminated and only European lobster (Homarus gammarus) from inner fjord exceeded the EU limit
(0.62 mg kg−1 ww). Selenium (Se) concentrations were also measured in seafood species and Se-Hg co-
exposure dynamics are also discussed.
© 2019 The Authors. Published by Elsevier B.V. This is an open access article under the CC BY license (http://
creativecommons.org/licenses/by/4.0/).1. Introduction
Mercury (Hg) is a widespread global pollutant with signiﬁcant impli-
cations for environmental and public health. Anthropogenic activities,
such as emissions from coal-ﬁred plants andmining have signiﬁcantly in-
creased the concentrations of Hg and monomethylmercury (MeHg) in
the environment, including marine ecosystems and their inhabitants
(Lamborg et al., 2014). Increased MeHg concentrations in some Arctic
marine biota have been reported in comparison to pre-industrial times
(Braune et al., 2005), however, the ocean is not uniformly polluted
(Lamborg et al., 2014). For example, Vo et al. (2011) reported an increase
in MeHg concentrations during a 120-year period in black-footed alba-
tross museum specimens sampled from the Paciﬁc Ocean, but recent
studies have reported small-scale temporal declines in MeHg concentra-
tions in coastal and pelagic ﬁsh species from the Atlantic Ocean (Cross
et al., 2015; Lee et al., 2016). Although air-sea exchange, terrestrial inputs
and atmospheric processes are recognized as important drivers of the Hg
cycle, numerous important processes governing marine Hg biogeochem-
ical cycling and bioaccumulation have a high degree of uncertainty and
remain poorly understood (Strode et al., 2007; Black et al., 2012).
Inorganic Hgmay exist in different forms such as elemental Hg, Hg2+
inorganic complexes, Hg2+ organic complexes, and Hg2+ with different
degrees of bioavailability. However, inorganic Hg can be methylated by
anaerobic, mainly sulfate reducing, bacteria in marine sediments
(Compeau and Bartha, 1987) and also in the open water column
(Topping andDavies, 1981).MeHg is highly neurotoxic and themost bio-
available form of mercury (Hong et al., 2012). Methylation dynamics and
trophic transfer are critical processes involved in MeHg bioaccumulation
in coastal and open ocean foodwebs (Bank et al., 2007; Senn et al., 2010).
MeHg easily biomagniﬁes in the marine food web, and in top predator
marine organisms 70 to 100% of the total Hg may be present in the
MeHg form (Bloom, 1992; Magalhães et al., 2007; Hong et al., 2012).
Fishmay bioconcentrateMeHg asmuch as 106-fold compared to low sea-
water concentrations (Watras and Bloom, 1992).
Atmospheric deposition is considered an important source of Hg to
themarine environment (Driscoll et al., 2013). Hgprecipitated in terres-
trial catchments and transported via run-off can be substantial for
aquatic ecosystems including streams, rivers, ponds, lakes, and coastal
zones. Although biotic methylation of inorganic Hg in the sediment
and in thewater column is the primary process governingMeHg, abiotic
methylation may also occur, but at a far lower rate (Weber, 1993; Celo
et al., 2006). Hg methylation in marine sediments has been shown to
be enhanced by anaerobic conditions, increased temperature, decreased
pH, and intermediate concentrations of organic carbon (Ullrich et al.,
2001). Additionally, organic carbon composition and overall quality
(i.e., humic substances content), sulfur availability, and fraction of Hg
available for methylation have been shown to have important roles in
controlling Hg methylation (Avramescu et al., 2011; Bełdowska et al.,
2014; Schartup et al., 2014).
Seafood is the main contributor to MeHg exposure in humans
(Batista et al., 1996; Al-Majed and Preston, 2000; Olivero et al., 2002)
and the EU maximum level (EUML) of Hg (0.5 mg kg−1 ww) applies
to most ﬁsh and ﬁshery products for legal trade (EC, 2006). The interac-
tion between MeHg and seafood nutrients, particularly selenium (Se),
may inﬂuence the bioavailability and toxicity of MeHg (Ralston et al.,
2008), and it is advantageous to measure and evaluate these elements
simultaneously, across ﬁsh species, to make accurate decisions
pertaining to food safety and human exposure.The Hardangerfjord ecosystem is one of the longest fjords in western
Norway (Fig. 1). The fjord is polluted by industry and other anthropo-
genic Hg pollution sources, including a zinc plant, hydroelectric power
stations, and local mining and aquaculture facilities (deBruyn et al.,
2006). The zinc plant has existed for ~100 years and produces zinc and
aluminum ﬂuoride at a site located 4 kmnorth of Odda in the inner sector
of Sørfjord, an arm of the Hardangerfjord (Fig. 1). Zinc ores typically con-
tain Hg and zinc plants may emit high amounts of Hg to the atmosphere.
For instance, it is estimated that approximately 107.7 tons of Hg was
emitted to the atmosphere from zinc smelting activities in 2006 in
China (Yin et al., 2012). Industrial wastes associatedwith zinc production
with high concentrations of toxic metals were released to Sørfjord until
1986 (Julshamn and Grahl-Nielsen, 1996) even though a mercury re-
moval systemwas introduced early in the 1970's. In the 1970's, it was es-
timated that an average of 1–3 kg of solid phase Hg per day was released
into the local environment (Skei et al., 1972; Melhuus et al., 1978), most
likely as metacinnabar (HgS). In 1986 the company initiated a waste
treatment and processing program storing themain tailings and efﬂuents
from the zinc plant on land inmountain tunnels. However, the sediments
in the inner part of the Sørfjord were already highly polluted with toxic
trace metals including Hg, and today the Hardangerfjord ecosystem is
still widely considered to be one of the most trace metal polluted fjords
in the world (Skei et al., 1972; Everaert et al., 2017).
Early investigations on toxic trace metal contamination in the area fo-
cused on zinc (Zn), arsenic (As), cadmium (Cd), lead (Pb), and Hg in ma-
rine organisms such as brown algae (Ascophyllum nodosum), blue mussel
(Mytilus edulis), ﬂounder (Platichthys ﬂesus) and saithe (Gadus virens). Hg
received relatively little attention because Hg concentrations were not
very high in the investigated species which were from low positions in
the food web (Haug et al., 1974; Stenner and Nickless, 1974; Melhuus
et al., 1978; Julshamn and Grahl-Nielsen, 1996). Julshamn et al. (2001) re-
ported a signiﬁcant decrease in toxic tracemetals in Sørfjord following the
termination of jarosite discharge in 1986, however, the degree of Hg con-
tamination in demersal ﬁsh species was unknown. More recent investiga-
tions have reported Hg concentrations in ﬁllets of tusk (Brosme brosme),
inhabiting the demersal habitats of Sørfjord ~3 times greater than the
EUML (Ruus and Green, 2007), and additional data (Kvangarsnes et al.,
2012) led the Norwegian Food Safety Authority (NFSA) to issue extended
consumption advisories for deep-water ﬁsh caught in the entire
Hardangerfjord ecosystem, aswell as for shellﬁsh from the Sørfjord sector.
In this investigation, we focused on evaluating the spatial extent of
Hg andMeHg concentrations in severalHardangerfjord ecosystem com-
partments including marine organisms consumed by humans, seawa-
ter, and sediment. We hypothesized that the zinc plant and
surrounding highly polluted sediments, as a point source of pollution
(PSP), would be an important driver of Hg contamination and spatial
distribution in seawater, sediment, and biota. This would result in
higher Hg and MeHg levels in the different ecosystem compartments
sampled from the inner sector of the fjord compared to the outer sec-
tors. Additionally, we compared our measurements in seafood to the
EUML and discuss Se-Hg co-exposure dynamics.
2. Materials and methods
2.1. Study area
The Hardangerfjord ecosystem is the second longest fjord system in
Norway, located in the western coastal region (59.4–60.6°N, 4.5–7.3°E;
Fig. 1. Location of different sampling sites in Hardangerfjord. (A) Fish and crustacean species sampled in 2011 and (B) sediment and seawater sampled in 2015 and 2018. The letters after
site numbers in map A represent the names of the fjords (S: Sørfjord; E: Eidfjord; OH: Outer Hardangerfjord). Details of biotic samples collected from each site are described in Table 1.
624 A.M. Azad et al. / Science of the Total Environment 667 (2019) 622–637Fig. 1). Thewater depth ranges from 120 to 800m and the fjord has sev-
eral basins separated by shallower sills. The fjord ecosystem is con-
nected to the ocean through one main fjord mouth and three
narrower channels to the north. At the inner part, the fjord branches
into Sørfjord to the south and Eidfjord to the northeast (Fig. 1). The
Sørfjord is ~40 km long and up to 1 to 2 km wide and is substantially
shallower than the main fjord, with depths of ~100 to 350 m and only
~50 m at the head of the fjord (Fig. 1). The Opo River is the main sourceof freshwater for Sørfjord. The Opo ﬂows north at the head of the fjord
within the Odda municipality (Fig. 1), and has a catchment area of
483 km2 (Pettersson, 2008). River Tysso, with a catchment area of
390 km2, is another large river which ﬂows into the southern part of
Sørfjord close to the PSP at Tyssedal that also houses a power station
(Fig. 1). Eidfjord is the northwards fork extension of Hardangerfjord
and is ~29 km long with depths reaching ~400–600 m. The Eio and
Sima Rivers are both main sources of freshwater to the Eidfjord sector
625A.M. Azad et al. / Science of the Total Environment 667 (2019) 622–637of the Hardangerfjord ecosystem (Fig. 1), with catchment areas of
1173 km2 and 146 km2 respectively (Pettersson, 2008). Additionally,
there is another hydroelectric power station located on the Sima River
(Fig. 1). Apart from these four major rivers, the Glacier Folgefonna,
consisting of three sub-glacierswith a total area of 200 km2, is an impor-
tant source of freshwater along with several other low-order and head-
water streams within the catchment area of the fjord.
2.2. Sediment, seawater and seafood sampling and preparation
Fishwere caught during cruises organized by the Institute of Marine
Research (IMR) as part of a larger Hardangerfjord study. The demersal
deep-water ﬁshes blue ling (Molva dypterygia) (4 sites) and tusk
(Brosme brosme) (8 sites) were caught using long line ﬁshing. Common
ling (Molva molva) (7 sites) and Atlantic wolfﬁsh (Anarhichas lupus) (2
sites) were sampled using a trammel net and European sprat (Sprattus
sprattus) (5 sites)were sampled using purse seine nets. Crustacean spe-
cies including brown crab (Cancer pagurus) (2 sites), European lobster
(Homarus gammarus) (3 sites) and Norway lobster (Nephrops
norvegicus) (1 site) were caught using lobster trap and trammel nets.
All seafood sampling was conducted during 2011 (Table 1 and
Fig. 1A). Due to a low number of samples, data for wolfﬁsh and
Norway lobster were not included in the spatial distribution analyses.
All ﬁsh and crustacean specimenswere shippedwhole and frozen to
the Institute of Marine Research, Bergen, Norway. Individual weights
(g) and lengths (cm) of ﬁsh and crustaceans were measured and regis-
tered in the Laboratory InformationManagement System (LIMS). For all
ﬁsh species except sprat, skin and bone free ﬁsh ﬁllets were dissected.
For tusk, we also analyzed liver tissue. For sprat, 25 whole ﬁsh were
composited and homogenized. For European and Norway lobster, the
tail meat was dissected, while for the brown crab, both claw meat
(both claws) and brown meat (mixture of hepatopancreas, gonads
and internalwhitemeat), were sampled and analyzed. All biota samples
were homogenized using a food processor, and all samples, except liver
of tusk and brownmeat of crabwere subsequently lyophilized. After ly-
ophilization to a constant mass, the water content (% moisture) of each
sample was calculated and recorded prior to Hg and Se analyses.
Sediment samples (7 sites)were collected from the top 15±2 cmof
the bottom sediment using a van Veen grab or by diving. The sediment
sampling was conducted during April – July 2015. The samples were
frozen (−30 °C) before being sent to the laboratory for analyses.
Seawater samples (9 sites) were collected during May 28–31, 2018
on the RV Hans Brattstrøm (Fig. 1B). Seawater was collected using
acid-washed Niskin-Type oceanographic general purpose, plastic
water samplers (2.5 L model; Hydro-Bios Inc.) at depths of 15, 50, and
300 m. Trace metal clean sampling techniques (Bravo et al., 2018)
were employed using acid-washed 120 mL and 250 mL Teﬂon bottles
(Nalgene FEP). Teﬂon bottles and silicon tubing were acid washed in a
Milestone acid-washer using 37% ultra-pure, trace metal grade HNO3
and were rinsed ﬁve times using Milli-Q deionized water. The Niskin
type plastic water samples were acid washed using two consecutiveTable 1
Number of ﬁsh and crustacean samples collected from different sites in Hardangerfjord in 201
(Fig. 1).
Species Scientiﬁc name N Sampling stations (N)
1S 2S 3S
Blue ling Molva dypterygia 41 5
Common ling Molva molva 30 1 1
European Sprata Sprattus sprattus 5
Tusk Brosme brosme 138 2 8
Wolfﬁsh Anarhichas lupus 4
Brown crab Cancer pagurus 20 10
European lobster Homarus gammarus 26 5
Norway lobster Nephrops norvegicus 10
a Each sample is a composite of 25 whole specimens.overnight, acid baths (1 HNO3 and 1 HCL at 10% volume:volume pre-
pared with milli-Q water). Teﬂon bottles and Niskin type bottles were
dried in an EPA clean 100 room under a laminar ﬂow hood. Bottles
were stored in double plastic bags before and immediately after sam-
pling seawater. Seawater was collected using a standard oceanographic
rosette (Hydro-Bios, Inc.) and samples were transferred to individually
labeled Teﬂon bottles using acid-washed silicon tubing that was rinsed
between samples with deionized water and stored in a sterile and clean
plastic bag. Seawater was then acidiﬁed using 0.5% ultrapure HCl (vol-
ume:volume) and placed in a dark refrigerator (4 °C) prior to laboratory
analyses.
2.3. Total mercury and selenium measurements in biota
The concentrations of Hg and Se were determined using inductively
coupled plasma-mass spectrometry (ICP-MS) after microwave diges-
tion. First, weighed samples were digested using concentrated (65%)
HNO3 and 30% H2O2 in a microwave oven (MilestoneMicrowave diges-
tion system: MLS-1200 MEGA Microwave Digestion Rotor - MDR 300/
10). Hg and Se concentrations were determined using quantitative
ICP-MS (Agilent 7500 with collision cell and ICP-ChemStation soft-
ware). A standard curve was used to determine the concentration of
Hg and Se. Germanium (Ge), thulium (Tm) and rhodium (Rh) were
used either individually or in combination as internal standards, and
gold (Au) was added to stabilize the Hg signals. The method is a CEN
standard and Norway accredited laboratory method (ISO 17025) for
these two elements (NMKL, 2007; CEN, 2009) and is described in detail
elsewhere (Julshamn et al., 2007). Accuracy and precision of these
methods have been tested by analyzing certiﬁed reference materials
and the recoveries of both Hg and Se ranged from 80% to 120%. Certiﬁed
reference material (CRM) 1566 (oyster tissue) from the National Insti-
tute of Standards and Technology (NIST, Gaithersburg, USA) and lobster
hepatopancreas (TORT-2, TORT-3) from the National Research Council
of Canada (Ottawa, Canada)were used formeasurement quality control
by including them in each sample run. The limits of quantiﬁcation (LOQ)
of this method were 0.005 and 0.01 mg kg−1 dry weight (dw) for Hg
and Se, respectively.
2.4. Mercury speciation in sediment samples
Methylmercury concentrations in sediment samplesweremeasured
using EPA method 1630 (USEPA, 1998). Samples were prepared by
leaching potassium bromide and copper sulfate solution to release the
organic Hg species from inorganic complexes. MeHg was subsequently
extracted by dichloromethane. An aliquot of the dichloromethane was
then back-extracted into ultrapure deionized water by purging with
argon. Samples were treated with sodium tetraethyl borate to form
MeHg. Inorganic Hg was simultaneously converted to diethyl Hg. The
ethylated Hg species are volatile and are stripped of the solution by
purging with N2 and then adsorbed onto Tenax traps. Hg-species were
then thermally desorbed from the Tenax traps in a stream of helium1 (S: Sørfjord; E: Eidfjord; OH: Outer Hardangerfjord). Locations are shown on the map
4E 5E 6OH 7OH 8OH 9OH 10OH 11OH
2 20 6 7
6 3 4 13 2
1 1 1 2
7 24 30 13 32 22
3 1
10
11 10
10
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methyl/ethylated Hg species are decomposed to elemental Hg and de-
tected using Cold Vapor-Atomic Fluorescence Spectroscopy (CV-AFS)
by heating a pyrolysis column to 700–800 °C. The LOQ was 0.05
μg kg−1 dw. Total Hg in sediment was measured using laboratory
accredited methods (EN ISO12846) and Cold Vapor-Atomic Absorption
Spectrometry (CV-AAS) technique (ISO12846, 2012). The LOQ was
0.001mg kg−1 dw and themeasurement uncertainty was 20%. The sed-
iment analyses were conducted by Euroﬁns Environment Testing
Norway AS, Moss, Norway.
2.5. Mercury speciation in seawater
Inorganic Hg and MeHg concentrations in unﬁltered seawater sam-
ples were simultaneously measured using the species-speciﬁc isotope
dilution, and a GC-ICP-MS method developed for Hg speciation at
ultra-trace levels in seawater (Monperrus et al., 2005; Cavalheiro
et al., 2016; Bravo et al., 2018). The analyses were operated by a capil-
lary gas chromatograph (Trace GC Ultra, Thermo Fisher, equipped
with a TriPlus RSH auto-sampler) hyphenated to an inductively coupled
plasma mass spectrometer (ICP-MS Thermo X Series 2). Brieﬂy, an ali-
quot of 100 mL of unﬁltered water sample was accurately weighed
and spiked with known amounts and of isotopically enriched standards
solutions Me(201)Hg and (199)inorganic Hg (ISC Science, Spain).
Spiked samples were left overnight for equilibration in a laminar ﬂow
hood. The pH of the solution was then adjusted to 3.9 by adding 5 mL
of sodium acetate-acetic acid 0.1Mbuffer solution and about 1mLof ul-
trapure ammonium hydroxide solution. At last, 250 μL of isooctane
(HPLC grade) and 80 μL of sodium tetra-propyl borate solution (5% w/
v, Merseburger Spezial Chemikalien, Germany) were added to achieve
the derivatization of the Hg species and its subsequent extraction into
the GC solvent. The vials were capped and shaken for 20 min at
400 rpm (orbital shaker); then the isooctane was recovered and ana-
lyzed in triplicate by GC-ICP-MS.
All materials were cleaned prior to use according to ultra-trace stan-
dard operating protocols (Bravo et al., 2018). In absence of any Certiﬁed
Reference Material available for organomercury species, quality assur-
ance and quality control (QA/QC) was based on reagent blank analyses,
replicated assays and an extensive QA/QC procedure described else-
where (Cavalheiro et al., 2016). Additionally, repeated participations
in international inter-laboratory comparison exercises (GEOTRACES in-
tercalibration cruises for Hg species in seawater) complement the QA/
QC effort.
Inorganic Hg concentrations measured in the blanks averaged 0.016
± 0.003 ng L−1, whereas no MeHg was observed in the blanks. The
MeHg blank equivalent concentration for the GC-ICP-MS instrument
was estimated at 0.002 ± 0.001 ng L−1. The detection limits of this
method were 0.03 ng L−1 for inorganic Hg and 0.008 ng L−1 for MeHg,
respectively. The measurement error (calculated by analyzing each
sample three times) was b2.9% and 4.9% for inorganic Hg and MeHg
concentrations, respectively. All seawater samples were analyzed at
the IPREM laboratory (CNRS/University of Pau, France) within 28 days
after sampling.
2.6. Salinity measurements and modeling
The salinity was observed in situ using a portable instrument
(SAIV A/S SD 208) measuring the conductivity, temperature, and
depth (CTD). The instrument was used in STDmode, and calculations
of salinity from the conductivity were done automatically using the
instrument's software. The accuracy of the salinity is ±0.003 with a
range from 0 to 50. The instrument also measured dissolved oxygen
(range: 0–20 mg L−1 accuracy: ±0.2 mg L−1) supplied by SAIV A/S.
The instrument was sampled with a time interval of 1 s and lowered
with a speed of 0.2 ms−1. Data was downloaded from the instrument
for every 0.1 m in the upper 10 m and for every meter under 10 mdepth. In addition to measuring the salinity in situ water was sam-
pled using a multi water sampler slim line 6 with mounted plastic
Niskin bottles supplied by Hydro-Bios. Water samples for salinity
analyses were taken at a depth of 300m at every site. The water sam-
ples were bottled and analyzed at the in-house salinity lab using a
Guildline 8410A portasal (range: 0.004–76, Accuracy: ±0.003). By
comparing the in-situ measurements to the salinity data from the
seawater samples it became evident that the SAIV SD 208 instrument
showed a deviation in its calibration (−0.12) and therefore we used
a correction value of +0.12.
The salinity distribution of the fjord was modeled using the Re-
gional Ocean Model System (ROMS) solving the hydrodynamic
equations (Haidvogel et al., 2000; Shchepetkin and McWilliams,
2005). The model was set up with a horizontal resolution of 160 m
× 160 m, with 35 terrain following coordinates in the vertical. 170
rivers were included with daily run-off from the Norwegian Water
Resources and Energy Directorate (NVE) and atmospheric conditions
were provided by 2.5 km resolved AROME model provided by the
Norwegian Meteorological Institute (http://thredds.met.no). The
model was run with an internal time-step of 6 s, writing environ-
mental data as temperature, salinity and currents every hour. Fur-
ther details of the model setup are described in Albretsen (2011).
The model simulation was started 1st of April 2018, where the ﬁrst
month is considered spin-up time. The salinity distribution at the
time of the cruise is illustrated as the mean salinity from May 28th
to May 31st in 2018, for the sea surface.
2.7. Statistical analyses
Data were log transformed to meet the assumption of normal dis-
tribution and homogeneity of variances prior to statistical analyses.
Analysis of covariance (ANCOVA) was used for comparison of Hg
concentrations across sampling sites for seafood species with length
as a covariate to remove the possible effect of length across sites.
One-way analysis of variance (ANOVA) was used for crustacean spe-
cies since length measurements and Hg concentrations were not cor-
related. In European lobster, the Hg concentrations increased with
increasing weights, however since weight was not signiﬁcantly dif-
ferent between sites, ANOVA was used for comparison across sam-
pling sites. Independent Student's t-tests were used to compare
length and Hg concentration between the inner and outer sections
of Hardangerfjord. For post-hoc comparisons, unequal sample
Tukey-HSD tests were used to evaluate the effects of unequal sam-
pling efforts and unbalanced design. Only sites with two or more in-
dividuals were considered for spatial comparisons. Distance from
PSP was calculated as distance from the industrial unit close to
Odda and distance from the open ocean was calculated from the
mouth of the Hardangerfjord at Kvinnsvika (Fig. 1). Statistical signif-
icance was accepted at P b 0.05 (Zar, 2010). All statistical analyses
were performed using STATISTICA 13 (Statsoft Inc., Tulsa, USA) or
GraphPad Prism 7.02 (GraphPad software Inc., San Diego, CA, USA).
2.8. Selenium health beneﬁt value
Selenium health beneﬁt value (HBVSe) has been suggested as an
evaluation index showing the Se amount provided in ﬁsh after seques-
tration of Hg and was calculated using the following formula (Ralston
et al., 2016):
HBVSe ¼ Se−HgSe  Seþ Hgð Þ
Se = Selenium content in molar concentration.
Hg =Mercury content in molar concentration.
627A.M. Azad et al. / Science of the Total Environment 667 (2019) 622–6372.9. Bioconcentration Factors and Biota-Sediment Accumulation Factors
Bioconcentration Factors (BCF) and Biota-Sediment Accumulation
Factors (BSAF) for tusk were calculated for total Hg and MeHg using
the following formulas:
BCF ¼ Log Hg concentration in fillet
Hg concentration in water
 
BSAF ¼ Log Hg concentration in fillet
Hg concentration in sediment
 
BCF was calculated using average seawater concentration from 15,
50 and 300 m depths closest to the tusk sampling location and 100%
of Hg in tusk ﬁllet was assumed to be MeHg.
3. Results and discussion
3.1. Hg and Se concentrations in seafood
Tusk and blue ling ﬁllet samples collected from the inner sector of
Hardangerfjord had the highest mean Hg concentrations (1.87 and
1.44 mg kg−1 ww, respectively) and all individual ﬁsh were above the
EUML of 0.5 mg kg−1 ww (Table 2). In comparison tusk and blue lingTable 2
Mean, ﬁrst and third quartiles, standard deviation and standard error of Hg and Se levels (mg kg
Hardangerfjord ecosystem, 2011. HBVSe are calculated from mean values.
Species Scientiﬁc
name
Area N Hg (mg kg−1 ww) Se (mg kg−
Mean Q25 Q75 SD SE Mean Q2
Blue ling Molva
dypterygia
Out.
Hard.
33 1.07 0.64 1.19 0.83 0.15 0.43 0.3
Inn.
Hard.
8 1.44 1.07 1.85 0.66 0.23 0.50 0.4
Common
ling
Molva molva Out.
Hard.
28 0.49 0.19 0.59 0.44 0.08 0.47 0.4
Inn.
Hard.
2 1.08 0.40 1.76 0.97 0.68 0.65 0.4
Tusk Brosme brosme Out.
Hard.
97 0.84 0.42 1.11 0.52 0.05 0.59 0.5
Inn.
Hard.
41 1.89 1.26 2.19 0.89 0.14 0.72 0.5
Sprata Sprattus
sprattus
Out.
Hard.
3a 0.01 0.43
Inn.
Hard.
2a 0.03 0.42
Wolfﬁsh Anarhichas
Lupus
Out.
Hard.
4 0.14 0.11 0.16 0.04 0.02 0.47 0.2
All ﬁshes Out.
Hard.
162 0.63 0.49
Inn.
Hard.
51 1.47 0.62
Brown crab Cancer
pagurus
Out.
Hard.
10 0.12 0.05 0.20 0.08 0.02 1.47 0.9
Inn.
Hard.
10 0.22 0.13 0.30 0.14 0.05 0.76 0.6
European
lobster
Homarus
gammarus
Out.
Hard.
21 0.19 0.16 0.23 0.07 0.01 0.61 0.4
Inn.
Hard.
5 0.62 0.63 0.70 0.13 0.06 0.55 0.4
Norway
lobster
Nephrops
Norvegicus
Out.
Hard.
10 0.20 0.19 0.22 0.03 0.01 0.99 0.8
All Crustaceans Out.
Hard.
41 0.17 1.02
Inn.
Hard.
15 0.42 0.65
All species Out.
Hard.
203 0.44 0.72
Inn.
Hard.
67 1.05 0.64
a Each sample is a composite of 25 whole specimens and thus, percent exceeding EUML andsamples from outer Hardangerfjord had lower Hg concentrations, but
the mean levels were still higher than EUML (mean = 0.84 and
1.07 mg kg−1 ww, respectively). Wolfﬁsh (0.14 mg kg−1 ww) and
sprat (0.01 in outer and 0.03mg kg−1 ww in the inner Hardangerfjord)
had the lowestHg concentrations. In a previous study, Azad et al. (2019)
showed that Hg concentrations in blue ling and tusk from the Northeast
Atlantic Ocean were similarly high, whereas common ling had lower
concentrations and wolfﬁsh had the lowest of all demersal ﬁsh species
analyzed in this study. The high concentrations of Hg in tusk, blue ling,
and common ling were likely inﬂuenced by their high trophic position,
and preference for deep-water, demersal habitats (Bergstad, 1991;
Husebø et al., 2002; McMeans et al., 2010). Atlantic wolfﬁsh feed on
molluscs, echinoderms, and other low trophic level prey species (Falk-
Petersen et al., 2010), and this may explain their lower Hg
concentrations.
Crustaceans had lower concentrations of Hg than demersal ﬁsh spe-
cies (Table 2) likely as a result of their considerably lower trophic posi-
tion and similar observations have been reported from Spain (Olmedo
et al., 2013). European lobster tail meat sampled from inner
Hardangerfjord had the highest mean Hg concentration of all sampled
crustaceans (0.62 mg kg−1 ww). These values are higher than those
previously reported in commercially caught European lobster from
Scotland (Barrento et al., 2008; Noël et al., 2011). European lobster
from outer Hardangerfjord had a mean Hg concentration of−1 ww) inmuscle tissue and length (cm) of demersal ﬁsh and crustacean species from the
1 ww) Length (cm) Percent with
Hg ≥ 0.5
(mg kg−1 ww)
HBVSe
5 Q75 SD SE Mean Q25 Q75 SD SE
8 0.49 0.08 0.01 90.73 80.00 97.00 13.65 2.38 93.9 0.4
9 0.53 0.04 0.01 92.33 86.00 100.00 8.41 3.43 100 −1.7
2 0.51 0.08 0.01 73.93 61.50 83.50 18.63 3.52 35.7 5.0
3 0.87 0.32 0.22 78.00 72.00 84.00 8.49 6.00 50 4.7
1 0.64 0.11 0.01 64.26 55.00 75.00 13.68 1.39 64.9 5.0
7 0.83 0.23 0.04 62.95 55.00 69.00 9.85 1.54 100 −0.6
7.27
8.20
7 0.66 0.36 0.18 79.00 74.00 84.00 6.32 3.16 0 5.8
76.98 48.6 4.1
77.76 83.3 0.8
2 1.83 0.80 0.25 14.85 14.40 15.40 1.49 0.47 0 18.6
0 0.74 0.33 0.10 15.37 13.40 17.60 2.45 0.77 10 9.5
9 0.65 0.19 0.04 26.55 25.50 27.00 1.48 0.32 0 7.6
9 0.65 0.14 0.06 27.80 27.00 30.00 2.77 1.24 80 5.5
7 1.05 0.21 0.07 18.27 16.90 19.30 1.63 0.51 0 12.4
19.89 0 12.9
21.59 45 7.5
52.51 27.8 7.8
55.29 68 3.5
HBVSe are not calculated.
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meat of brown crab had lower Hg concentrations than European lobster
with mean values of 0.22 and 0.12 mg kg−1 ww in samples from inner
and outer Hardangerfjord, respectively (Table 2). TheHg concentrations
in brown crab samples from outer Hardangerfjord were similar to the
mean reported for this species from the Norwegian coast
(0.1 mg kg−1 ww) (IMR, 2018), whereas Hg concentrations in samples
from the inner fjordwere ~2-fold higher. Norway lobster was only sam-
pled fromouterHardangerfjord. ThemeanHg concentration in tailmeat
of Norway lobster was 0.20 mg kg−1 ww, similar to European lobster
and within the range reported for Norway lobsters caught in other re-
gions of Norway (IMR, 2018). TheHg levels inNorway lobstermeasured
in this investigation were lower than the reported levels in samples
from the Mediterranean (Cresson et al., 2014). All crustaceans in this
study are benthic carnivores (Cristo and Cartes, 1998; Meeren, 2007;
IMR, 2008), and the observed variation in Hg concentrations is likely
driven by several factors including body size, toxicokinetics, growth di-
lution, prey type, ecosystem methylation potential, and species migra-
tion patterns.
Overall, Se concentrations in all sampled taxawere less variable than
Hg concentrations. Se concentrations in ﬁsh species from outer
Hardangerfjord were ~50% lower compared to crustaceans analyzed
from the same area (mean= 0.49 vs 1.02mg kg−1 ww; Table 2). How-
ever, Se concentrations in ﬁsh and crustaceans sampled from the inner
part of Hardangerfjord, where Hg contamination in sediment and sea-
water was substantially higher, were similar (mean = 0.62 in ﬁshes
vs mean = 0.65 mg kg−1 ww in crustaceans). Fish Se concentrations
were greater in the inner sector of Hardangerfjord compared to the
less contaminated areas of the fjord, whereas crustacean Se concentra-
tions were lower in the inner sector (Table 2; Fig. 1).
The liver in ﬁshes and the hepatopancreas in crustaceans both play
signiﬁcant roles in the distribution of toxic trace metals and high con-
centrations have often been reported (Engel, 1983; Romeo et al.,
1999). Tusk liver contained higher concentrations of both Hg (6.39 vs
1.37 mg kg−1 ww) and Se (9.95 vs 0.66 mg kg−1 ww) in comparison
to ﬁllet tissue (Fig. S1; Table 2). Tusk sampled from the inner sector of
Hardangerfjord had greater Hg and Se concentrations in liver compared
to the outer sector (Hg: 8.14 vs 4.63 mg kg−1 ww; Se: 10.42 vs
9.48mg kg−1 ww). However, brownmeat of crab (amixture of hepato-
pancreas, gonad and internal connective tissue) sampled from the inner
sector had higher Hg concentrations (0.16 vs 0.06 mg kg−1 ww),
whereas Se concentrations were 42% lower compared to the outer
fjord area (0.83 vs 1.42 mg kg−1 ww).
Se concentrations increased concomitantly with Hg concentrations
in all ﬁsh species and Pearson's correlation coefﬁcient ranged from r
= 0.36 in common ling to r= 0.49 in tusk. Similar ﬁndings have been
reported in several ﬁsh species from the Northeast Atlantic Ocean
(Azad et al., 2019). Crustacean Se concentrations in muscle varied in
the opposite direction of Hg and decreased slightly with increasing Hg
concentrations and no signiﬁcant correlation was observed (Fig. 3).
Similarly, hepatic Hg and Se concentrations in tusk increased concomi-
tantly (r = 0.73; P b 0.0001). However, no correlation was found be-
tween Hg and Se concentrations for brown crab hepatopancreas
(Fig. S2). Collectively, these ﬁndings suggest an organ speciﬁc distribu-
tion pattern in ﬁsh and crustacean species that may be driven by differ-
ential uptake mechanisms and toxicokinetics of Hg and Se.
3.2. Seafood Hg concentrations and body size
Hg concentrations increasedwith both length andweight in all sam-
pled ﬁsh species (Fig. 2; Table S1). Length explained a larger part of the
variation in ﬁllet Hg concentrations (r2 between 0.18 and 0.60; P b 0.01)
than weight (r2 between 0.20 and 0.40; P b 0.01). Over time, Hg bioac-
cumulation leads to increasing concentration with ﬁsh age (Power
et al., 2002). Our data shows that ﬁsh length is a better proxy for age
than weight, as weight can be affected by seasonal variation and foodavailability, body condition and rates of gonad maturation (Table S1).
Hg concentrations were not correlated to length in crustaceans except
for Norway lobster, where a negative linear relationship was observed
(r2 = 0.42; P b 0.05). However, Hg concentrations increased with
weight in both European lobster (r2 = 0.19; P b 0.05) and Norway lob-
ster (r2= 0.68; P b 0.01), but not in brown crab. Since crustaceansmolt,
their length increases incrementally and during the periods in between
molting steps, the weight may be a better predictor of growth than
length (Cameron, 1989).
In many crustaceans, clear differences in Hg concentrations be-
tween sexes and interactions with length have been reported. For
example, female Norway lobster from the Ligurian Sea (Minganti
et al., 1990) and outside Scotland (Canli and Furness, 1993) showed
steeper increases in Hg concentrations with length than males. This
is likely due to slower growth rates of females in comparison to
males and as a result of more energy investment related to reproduc-
tion. In this study, crustaceans were not sexed and consequently it
was not possible to make comparisons among sexes. Analyzing indi-
viduals without information on sex could also mask effects of size on
Hg concentrations in crustaceans.
3.3. Spatial variation of Hg in seafood and sediments
In most of the studied species, Hg concentrations were higher in
samples of marine organisms collected towards the inner fjord and
PSP at Odda than in samples taken in the outer fjord (Figs. 1; 4). This
spatial variation was consistent across crustacean and ﬁsh species in-
cluding European lobster, crab, tusk and sprat, but not for blue ling or
common ling.
The highest mean concentration of Hg in tusk were observed in the
two Eidfjord sites 4E and 5E (2.88 and 1.78mg kg−1ww), and not in the
inner part of Sørfjord where sites 1S and 2S also showed high Hg values
(1.90 and 1.36 mg kg−1 ww). The differences between sites 4E, 5E and
1S were, however, not signiﬁcant (Fig. 4) and considering the limited
number of tusk collected from 4E (n = 7) and 1S (n = 2), tusk from
both branches appear to be contaminated at similar levels. However,
the observed high Hg concentrations in tusk from Eidfjord, 47 and
59 km from the PSP, indicate that PSP may not be the only source of
Hg to the biota in Hardangerfjord. The tusk from Eidfjord may hence
have been inﬂuenced by the freshwater inputs from two large rivers
and the hydroelectric power station located upstream on the Sima
River (Fig. 1). Moreover, substantial transport of Hg from PSP in Odda
to Eidfjord does not seem very likely, based on the sediment concentra-
tions of Hg in Sørfjord.Measured concentrations decreased rapidly from
2.26mgkg−1 dwat site 1 to 0.72mgkg−1 dwat site 2 and 0.03mg kg−1
dw at site 3. At site 6 in Eidfjord the sediment concentrationwas again a
bit higher, with 0.17 mg kg−1 dw, but still more than an order of mag-
nitude lower than at site 1. The combination of depth (350 m) and the
Sørfjord sill may also prevent themovement of contaminants. However,
the run-off from Opo River and fjord/estuarine water circulation driven
by local tidal conditions may also redistribute and resuspend the con-
taminants to outside Sørfjord, but the majority of Hg from PSP stays
within the Sørfjord sector. If transport of Hg should take place from
PSP to Eidfjord, resuspended Hgwould have to be transported in higher
water layers, over the Sørfjord sill and to the right-hand side due to the
Coriolis force effect before being deposited in Eidfjord. Tusk from site
7OH close to Steinstø, had signiﬁcantly lower Hg concentrations than
tusk from the Eidfjord sites, but signiﬁcantly higher Hg concentrations
than tusk from the three outermost sites.
Hg concentrations in sediment increased from the outer
Hardangerfjord towards the inner fjord and PSP at Odda (Fig. 5;
Table S3) and were in good accordance with the tusk Hg data. Sedi-
ments were sampled from the top and intermediate layers (15 ±
2 cm) resulting in an integrated sample which limits our resolution of
the interpretation. However, our spatial results are consistent with
other studies and show an increasing gradient ofmercury from offshore
Fig. 2. Linear regression between length and log Hg (red circles) and length and log Se (black squares) in ﬁsh and crustacean species fromHardangerfjord sampled in 2011. Slope, r2 and P
are presented. NS = not signiﬁcant.
629A.M. Azad et al. / Science of the Total Environment 667 (2019) 622–637to the interior of the fjord. Using a meta-analysis, Everaert et al. (2017)
reported Hg concentrations in sediment samples of 0.13mg kg−1 dw in
Norwegian inner fjord areas and 0.02–0.03 mg kg−1 dw in offshore
areas. Their reported levels from inner fjord areas were comparable to
Hg concentrations measured at sites 5 and 6 in Eidfjord (0.072 and
0.173 mg kg−1dw), whereas the reported levels in offshore areas were
comparable to the Hg concentrations in sediment from the less im-
pacted areas of outer Hardangerfjord (0.015–0.050 mg kg−1 dw, sites
3, 4 and 7).
Concentrations of Hg in sediments were not signiﬁcantly correlated
with distance from PSP (Fig. 5). On the other hand, distance from open
ocean that takes into account both input from catchment and PSP in the
same direction, showed a signiﬁcant correlationwith Hg concentrations
in sediment (Kendall tau 0.90; P b 0.05) (Table S4). For tusk, therewas a
signiﬁcant correlation between Hg concentration and distances from
both ocean and PSP, but the correlation with distance from open
ocean was stronger (Fig. 5; r2 = 0.59 and r2 = 0.76, respectively) and
overall Hg concentrations in both tusk and sediment were in good
accordance.A recently published study, which included tusk specimens from
sites 1S and 7OH as well as tusk from other areas on the Norwegian
coast, showed that the Hg stable isotope values were different in
Hardangerfjord, particularly Sørfjord, compared to the open coast of
Norway (Rua-Ibarz et al., 2019). The isotopic composition changed
somewhat from Sørfjord to the outer Hardangerfjord, to a proﬁle
more similar to that of the open coast. This indicated that in the outer
Hardangerfjord there was an inﬂuence from the zinc plant in Sørfjord,
but also from atmospheric sources.
In areas not impacted by speciﬁc sources of pollution, atmospheric
deposition of Hg is considered a major source of Hg to the ecosystems
(Mason et al., 1994), and in coastal ecosystems Hg mostly originates
from freshwater input, organic matter decomposition and erosion
(Bełdowska et al., 2014). Fjords naturally have large river inputs often
at the ends and these often drain large catchment areas. This freshwater
run-off contains Hg deposited over the entire catchment area, including
throughfall (Kahl et al., 2007). In theHardangerfjord, there are two large
rivers at the end of Sørfjord located close to PSP and two large rivers at
the end of Eidfjord (Fig. 1). The River Eio at the end of Eidfjord has the
Fig. 3. Relationship between log Hg and log Se (mg kg−1 ww) in ﬁsh and crustacean species from Hardangerfjord, 2011. Slope, r and P are presented. NS = not signiﬁcant.
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to transport larger amounts of atmospherically deposited Hg than the
other rivers. Sima, the other main river in Eidfjord sector, also has a hy-
droelectric power plant that may impact the Hg load as well as methyl-
ation (Schartup et al., 2015). In hydroelectric stations, water usually
comes from the hypolimnion layer of the reservoir which often has fa-
vorable conditions for Hgmethylation. Additionally, wetting and drying
from periodic ﬂooding of the adjacent soils can also increaseMeHg pro-
duction and bioavailability. These increases in MeHg are largely driven
by the timing, frequency and severity of the reservoir ﬂooding. Water
released from the reservoir to the fjord is often enriched in MeHg
(Pestana et al., 2018) and several studies have reported increased Hg
levels in water, plankton and ﬁsh from downstream of hydroelectric
dams (Hylander et al., 2006; Kasper et al., 2014). Also, in Sørfjord
there are several hydroelectric power plants. Freshwater inputs from
the rivers is reﬂected in the salinity measurements and modeling that
showed a decreasing trend in surface water salinity from the outer
part of Hardangerfjord towards both Sørfjord and Eidfjord (Fig. 6;
Fig. S3). The rivers also deliver signiﬁcant amounts of terrestrial organicmatter (Jassby and Cloern, 2000) that may inﬂuence Hg methylation
and bioavailability dynamics (Lambertsson and Nilsson, 2006).
3.4. Mercury methylation in sediments
Concentrations of MeHg in sediment varied from 0.12 μg kg−1 dw at
site 4 to 8.4 μg kg−1 dw at site 1, closest to PSP (Fig. 5). Atmospheric depo-
sition and terrestrial run-off have been suggested as signiﬁcant sources of
MeHg and inorganic Hg that can be methylated, particularly in estuarine
and coastal areas (Mason et al., 2012; Schartup et al., 2015). However,
close to the PSP, a relatively high concentration of MeHg indicates that
methylation of inorganic Hg originating from the zinc plant is taking
place to some degree. High concentrations of both total Hg and MeHg
were found close to the PSP (site 1). Comparing the Hg concentrations in
sediment at the end of Sørfjord, close to PSP, with Eidfjord (2.26 vs
0.17 mg kg−1 dw) and the MeHg concentrations in these sites (8.4 vs
0.82 μg kg−1 dw) shows that methylation efﬁciency (i.e., % MeHg) from
PSP is similar (0.37% vs 0.47%) (Table S3). In general,MeHg concentrations
in sediment increased towards the inner part of the fjord (Figs. 1; 5) and
Fig. 4. Least squaresmeans (adjusted for mean length)+ standard error of Hg and Se concentrations in ﬁsh and crustacean species collected from different sites in Hardangerfjord, 2011.
Hg and Se concentrations are presented on the left and right Y axes, respectively. ANCOVA/ANOVA test results are presented and letters were used to show signiﬁcant differences when
applicable. For lobster and brown crab ANOVAwas used for comparisons between areas and arithmeticmeans are presented. Only composite samples of sprat and their arithmeticmeans
are shown. Stations are sorted according to the distance from point source of pollution (PSP) at Odda. Letters after each station number represent the location in detail; S=Sørfjord, E =
Eidfjord and OH=Outer Hardangerfjord. The dashed red lines show the EUmaximum level of Hg (0.5mg kg−1 ww).
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0.05), andwe can conclude thatHg concentrations likely had an important
inﬂuence on MeHg production in sediments in Hardangerfjord. In a study
from Öre River estuary in Sweden, organic matter was shown to be a pri-
mary factor controlling MeHg formation in estuarine sediments, while
total Hg had little or no effect on net MeHg production (Lambertsson
and Nilsson, 2006). The main difference between the Hardangerfjord sys-
tem and the Öre River Estuary studied by Lambertsson andNilsson (2006)
was the absence of local anthropogenic pollution in the Öre River Estuary,
and consequently much lower concentrations of THg (ca. 18 times) insediment samples than what we observed in inner Sørfjord. In another
study, from the estuarine environment of the Penobscot River, Maine,
USA, with high concentrations of Hg in sediment originating from indus-
trial sources, a clear positive linear relationship was observed between
Hg and MeHg concentrations (Rudd et al., 2018).
Distance from the open ocean was the best predictor for MeHg var-
iation between the sites (Kendall tau 0.81; P b 0.05), while no correla-
tion between MeHg and distance from PSP was detected since MeHg
levels were relatively high in the inner sectors of both Sørfjord and
Eidfjord (Fig. 1). Methylmercury concentrations in the sediments are
Fig. 5.Mercury pollution in sediment and tusk ﬁllet sampled from different sites in the Hardangerfjord ecosystem. A and B: Total Hg and MeHg concentrations in sediment samples
collected from different sites sorted by distance from point source of pollution (PSP) at Odda and distance from the open ocean. Nonparametric Kendall tau correlation coefﬁcients are
presented. NS = not signiﬁcant. C and D: Least squares means Hg ± standard error of tusk ﬁllet (adjusted for mean length) collected from different sites with varying distance from
the point source of pollution (PSP) at Odda and distance from the open ocean. Dashed red lines show the EU maximum level of Hg (0.5 mg kg−1 ww).
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mainly driven by sulfate reducing bacteria in the inner sector of the
fjord, and/or by organic matter quantity and composition.
3.5. Mercury speciation in seawater
Hgspecies andphysiochemical parametersweremeasured in seawater
samples taken from nine sites and three depths including 15, 50, and
300 m (Table 3). Salinity and temperature measurements showed that
the three sampling depths belong to different hydrographic layers. Brack-
ish layers were restricted to the upper 7m of the fjord at the time of mea-
surement. Water samples taken at 15 and 50 m depths were both within
the intermediate layer while samples from 300 m depths were under
the sill level in the fjord basin water. Total Hg concentrations increased
with depth (mean of all sites 0.25 ng L−1 at 15 m; 0.43 ng L−1 at 50 m
and 0.52 ng L−1 at 300 m; Fig. S4), whereas the MeHg concentrations
were highest at 50 m and lowest at 15 m depth (0.02 ng L−1 at 15 m;
0.09 ng L−1 at 50 m and 0.04 ng L−1 at 300 m; Table 3; Fig. S4). The
lower total Hg concentrations observed in the shallower layersmay be re-
lated to the physical properties involvedwithwater residence time in fjord
ecosystems. Internalwaves generated bywind conditions creatingup- and
down-welling at the coast are an important forcingmechanism for the re-
newal of the fjord water above the sill (Asplin et al., 1999). These internal
waves are shown to occur irregularly 1 to 2 times a month and arerestricted to theupper30m inMayand June in theHardangerfjord ecosys-
tem (Asplin et al., 2014). Therefore, the water at 15 m depth will be ex-
changed more frequently than the water at 50 m depth, despite both
depths being intermediate layers. The lower concentration of Hg found
at 15mdepth compared to 50m depth can be explained as amixed effect
of both different water residence times and that the deeper layers receive
Hg deposited from the upper layers. The overall highest concentration of
Hg was found at the 300 m depth level in sites 4 and 1 (1.65 and
1.55 ng L−1) and also at 50 m at site 9 (1.2 ng L−1). MeHg concentrations
at all depths were highest at site 1 close to the PSP (0.04, 0.25 and
0.11 ng L−1 at 15, 50 and 300 m depths, respectively).
MeHg concentration at 50 and 300 m depths in seawater, as well as
total Hg and MeHg concentrations in sediment, increased gradually to-
wards the PSP indicating a possible interaction betweenHgpools in sur-
face sediments and deep layers of seawater. At deep parts of the
Hardangerfjord ecosystem, below the sill, water exchange and mixing
are very limited. MeHg produced in sediments as well as biological pro-
duction of MeHg under themixed layer that sinks as particles to deeper
water are probably the main sources of MeHg in deep-water environ-
ments (Blum et al., 2013). MeHg concentrations in seawater at 50 and
300 m depths increased from the outer fjord towards PSP and the
inner part of Hardangerfjord (Kendall tau −0.94 and −0.93 respec-
tively; Table S5). In the inner part, a higher effect of the PSP, anaerobic
conditions (i.e. lower oxygen conditions at the fjord's interior) and
Fig. 6. Salinity level modeled for surface (A) and 50 m depth (B) in Hardangerfjord seawater sampled in May 2018. Note the different salinity scales in each map.
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15 m depth (Table S5) where MeHg concentrations were generally
low at all sites (up to 0.04 ng L−1).
Percent MeHg increased signiﬁcantly towards PSP for the 50 m
depth samples but not at 15mnor 300m (Table S5). Oxygen concentra-
tions at both 50 and 300 m depths decreased towards the inner part of
the fjord, in the opposite trend of MeHg concentration and percent
MeHg at 50 m depths. Lower oxygen concentrations in deep layers are
typical of fjords due to lower rates of water exchange inside fjord sills.
A combination of low oxygen concentrations and higher organic matter
bound Hg2+ within fjords likely provided ideal conditions for biotic
methylation and higher MeHg concentrations (Soerensen et al., 2018).
3.6. Bioconcentration Factors and Biota Sediment Accumulation Factors
For each site in the Hardangerfjord, Bioconcentration Factor (BCF)
and Biota Sediment Accumulation Factor (BSAF) were calculated for
total Hg and MeHg in tusk ﬁllet tissue (Fig. S5). These are indicators ofhow much THg and MeHg are transferred to tusk ﬁllet from water and
sediment, respectively. Tusk was chosen for this purpose as it is a ben-
thic feeder and a deep-water ﬁsh species with low vagility (Cohen
et al., 1990). Tusk samples were collected across a broad area and in
both the inner and outer sectors of the Hardangerfjord ecosystem. BCF
values varied from 6.2 to 7.0 for total Hg and from 7.0 to 7.5 for MeHg
(Fig. S5). Tusk BSAF values for total Hg was 0.2 at site 1S, and between
1.4 and 1.8 for the other sites and BSAF values for MeHg varied between
2.6 and 4.2. Site 1S closest to PSP had lower BSAF than the other sites
due to very high Hg concentration in the sediment close to the PSP
that was not reﬂected in the tusk ﬁllets. Both BCF and BSAFwere higher
for MeHg than total Hg at all sites due to lower MeHg concentration in
seawater and sediment compared to total Hg and themore efﬁcient tro-
phic transfer and bioavailability of MeHg. Lower BCF values close to the
PSP at sites 1S and 3S and much lower BSAF values for both MeHg and
Hgat site 1S compared to other parts of Hardangerfjord (Fig. 5S)may in-
dicate that Hg and MeHg originating from PSP is less bioavailable com-
pared to the Hg pool in other parts of the Hardangerfjord ecosystem.
Table 3
Mercury speciation and physiochemical properties of seawater from the different sampling sites in Hardangerfjord, May 2018.
Site Sampling
depth
(m)
Max
depth
(m)
MeHg
(ng
L−1)
SD iHg
(ng
L−1)
SD THg
(ng
L−1)
%
MeHg
Temperature
(°C)
Salinity
CTDa
Salinity
(Water
sample)
Oxygen
(%)
Oxygen
(mg
L−1)
Latitude Longitude
1 15 380 0.04 0.0011 0.40 0.01 0.45 9.33 7.25 31.762 97.62 10.10 60°
14,656
6° 35,747
50 0.25 0.0146 0.53 0.01 0.78 32.17 8.22 34.65 50.47 5.01
300 0.11 0.0102 1.45 0.05 1.55 6.98 7.65 34.963 34.95 49.08 4.93
2 15 780 0.02 0.0011 0.24 0.01 0.25 7.17 7.00 31.656 96.48 10.05 60° 26,58 6° 34,33
50 0.15 0.0059 0.25 0.01 0.39 37.18 8.28 34.713 56.54 5.61
300 0.07 0.0014 0.17 0.01 0.24 29.45 7.68 34.98 34.98 61.30 6.15
3 15 800 0.01 0.0002 0.13 0.01 0.14 7.68 7.25 31.762 97.62 10.10 60° 23.40 6° 20,43
50 0.13 0.0030 0.31 0.02 0.45 29.39 8.22 34.65 50.47 5.01
300 0.06 0.0003 0.11 0.01 0.17 33.01 7.71 35.012 34.99 61.15 6.13
770 0.10 0.0015 0.20 0.01 0.30 32.40 7424 35.058 35.05 53.27 5.37
4 15 500 0.01 0.0001 0.13 0.00 0.15 9.46 7.04 31.630 99.43 10.35 60° 15.55 6° 11,43
50 0.07 0.0010 0.21 0.02 0.28 25.31 8.39 34.721 61.23 6.06
300 0.03 0.0011 1.63 0.04 1.65 1.53 7.75 34.999 34.99 68.17 6.83
5 15 650 0.01 0.0004 0.20 0.01 0.21 6.25 7.09 31.580 100.50 10.45 60° 09.12 6° 04,73
50 0.06 0.0046 0.13 0.01 0.19 32.46 8.47 34.684 64.91 6.41
300 0.04 0.0013 0.22 0.01 0.26 16.54 7.72 34.996 34.99 67.76 6.79
6 15 500 0.04 0.0003 0.20 0.01 0.24 16.63 7.01 31.568 98.46 10.26 60° 00.47 5° 56,15
50 0.05 0.0016 0.16 0.01 0.21 23.82 8.53 34.693 67.93 6.70
300 0.02 0.0006 0.15 0.01 0.17 9.31 7.65 34.974 34.97 75.50 7.58
7 15 500 0.04 0.0005 0.24 0.01 0.27 13.30 7.06 31.644 99.14 10.31 59° 55.07 5° 45,15
50 0.04 0.0013 0.27 0.02 0.31 12.93 8.51 34.713 68.57 6.77
300 b LOD b LOD 0.21 0.01 0.21 bLOD 7.50 34.951 34.95 79.60 8.02
8 15 330 0.02 0.0005 0.21 0.01 0.23 7.53 7.97 32.802 95.16 9.62 59° 44.45 5° 30,38
50 0.02 0.0003 0.09 0.01 0.10 14.69 7.86 34.726 77.32 7.74
300 0.01 0.0001 0.15 0.01 0.16 5.23 7.22 35.079 35.08 81.81 8.29
9 15 330 0.01 0.0002 0.25 0.01 0.26 4.21 8.74 31.792 99.73 9.98 59° 35.72 5° 15,72
50 0.04 0.0003 1.16 0.02 1.20 3.26 7.69 34.619 79.00 7.94
300 0.01 0.0002 0.28 0.01 0.29 2.44 7.24 34.9 34.91 79.81 8.09
LOD: limit of detection.
a An offset of 0.12 was added.
634 A.M. Azad et al. / Science of the Total Environment 667 (2019) 622–6373.7. Does point source of pollution drive the spatial distribution of Hg in
Hardangerfjord?
To investigate the effect of the point source, length adjusted Hg con-
centrations in tusk from different sites were analyzed as a function of
distance from the PSP at Odda and the distance from the open ocean.
The distance from PSP explained 59% of the variation of mean Hg con-
centrations in tusk ﬁllet, but distance from the open ocean improved
the model to 76% variance explained (Fig. 5C and D). The same trend
was observed when Hg concentrations in individual tusk were used
(Fig. S6). An explanation for this may be that an increased distance
from the open ocean not only increases the effect of the PSP, but also
water residence time, freshwater run-off and terrestrial organic matter.
Hg concentrations in sediment were very high near the PSP at Odda
anddecreased sharply towards the outer parts of Sørfjord (Fig. 5), indicat-
ing that Hg pollution from PSP is likely quite local. Probably a limited
amount of Hg is transported from PSP, and Hg found in the outer
Hardangerfjord and Eidfjord may originate largely from terrestrial run-
off (Rua-Ibarz et al., 2019). A study of local soils showed that Hg concen-
trations around the zinc plant are very high compared with background
concentrations, but within a 10–20 km distance from the source, Hg con-
centrations are comparable to background conditions (Svendsen et al.,
2007). Thus, air emissions and atmospheric deposition of Hg from this
point source will likely remain mostly inside the catchment area of the
Sørfjord, and the major effect of Hg emissions is concentrated at the
head of the fjord near Odda as well as the southern half of Sørfjord. How-
ever, Hg can also be distributed long distances to outside catchment areas
via atmospheric transport (Fitzgerald et al., 1998).
The average MeHg concentration in the sediment in Sørfjord closest
to the PSP was approximately 10 times higher than sediments in the
inner Eidfjord sector. Even so, themean concentration of Hg in tuskﬁllet
(length adjusted) in Sørfjord was approximately 30% lower than in tusk
from Eidfjord. This suggests that MeHg from different sites may not be
equally bioavailable in these branches or that other factors such astrophic position varies across sites. In a mesocosm experiment, using
Hg isotope tracers in both inorganic and organic forms, Jonsson et al.
(2014) showed that MeHg from terrestrial and atmospheric sources
have higher bioavailability compared to MeHg formed in the sediment
and that MeHg from terrestrial run-off has a signiﬁcant effect on
MeHg burdens in estuarine biota. These ﬁndings could explain the
trend in our results, whereMeHgproduced in sediments from inorganic
Hg originating from the PSP appear to be less bioavailable thanMeHg in
Eidfjord that likely mainly originates from terrestrial run-off and atmo-
spheric deposition, although the effects from local hydropower stations
may also be substantial. High Hg concentrations in tusk have been re-
ported from inner Nordfjord (another fjord in western Norway) com-
pared to open ocean habitats (Berg et al., 2000), but further
investigations in a fjord ecosystem without a point source are required
to fully evaluate this hypothesis. However, it seems likely that the fjord
ecosystems favor high Hg accumulation in deep-water, demersal ﬁsh
compared to pelagic species, with some exceptions. Moreover, life his-
tory characteristics, and spatial and temporal variation in trophic com-
plexity in these ecosystems, must also be considered important
drivers of Hg in seafood species inhabiting fjords and other coastal envi-
ronments, especially considering that subtle differences in diet and food
web position may lead to substantial differences in Hg bioaccumulation
(Bank et al., 2007). The high freshwater input from large catchment
areas are believed to deliver highly bioavailable terrestrial MeHg to
the fjord. When run-off reaches the fjord, the increase in salinity in-
creases the partitioning of contaminants bound to organic matter in
the particulate phase and thus the contaminants sedimentation can be
enhanced from suspended particulate matter entering the sediments
(Turner and Millward, 2002). MeHg will be retained in the fjord due
to limited exchange of bottom water and the presence of a shallow
sill. Additionally, Wang et al. (2018) reported the importance of Hg
methylation in subsurface water in predicting Hg in marine biota from
the Arctic. Future research should evaluate the role of subsurfacemeth-
ylation in relation to Hg dynamics in fjord food webs.
635A.M. Azad et al. / Science of the Total Environment 667 (2019) 622–637Using a linearmodel, distance from the open ocean explained 76% of
the variation inHg concentrations in tuskﬁllets. The linearmodel can be
used to estimate the range of Hg contamination in deep-water species
such as tusk. Therefore, tusk can be considered an important
bioindicator for Hg contamination in high trophic species inhabiting
fjord ecosystems especially since they have a very wide distribution
and low vagility.
3.8. Comparison of Hardangerfjord seafood with the EU maximum level
Hg concentrations in ﬁsh and ﬁshery products, including claw and
tail meat of crustaceans, are regulated by the EU in different categories
and should be below the maximum level (EUML) of 0.5 mg kg−1 ww
for all species investigated in this study (EC, 2006). Tusk and blue ling
collected from all sites in both inner and outer Hardangerfjord had
2–3 times higher average Hg concentrations than the EUML and all indi-
vidual measurements in samples collected from inner Hardangerfjord
exceeded the EUML (Table 3). Mean Hg concentrations in common
ling from the inner part of the fjord exceeded the EUML by ~2-fold,
and mean Hg concentrations in samples from the outer part were
close to EUML (0.49 mg kg−1 ww). Hg levels in wolfﬁsh and sprat
were well below the EUML. The sampled crustacean species had aver-
age Hg concentrations below the EUML, except for European lobster
caught in Sørfjord that had 0.62 mg Hg kg−1 ww and four out of ﬁve
specimens had concentrations above EUML. The EUML regulates com-
mercial ﬁshery in this area, as it is illegal to sell food exceeding
EUMLs. To protect local recreational ﬁshers and their families from
MeHg exposure, the Norwegian Food Safety Authority (NFSA) has is-
sued a consumption advisory to avoid blue ling and tusk from the
whole Hardangerfjord and common ling from Sørfjord. Further, preg-
nant and nursing women are advised by NFSA to avoid consumption
of crab, European lobster and sentinel ﬁsh species from Sørfjord
(www.miljostatus.no).
Recently, SeleniumHealth Beneﬁt Value (HBVSe), was suggested as a
comprehensive human health index considering the Se co-exposure
that potentially reduces bioavailability, exposure and toxicity of MeHg
(Ralston et al., 2016). Negative HBVSe values imply higher molar con-
centration of Hg than Se, and consumption of seafood with negative
values may be more detrimental for human health than consumption
of seafood with positive values. In this investigation only blue ling and
tusk from inner Hardangerfjord had HBVSe with negative values of
−1.7 and−0.6, respectively.
In general, crustaceans had higher HBVSe values than ﬁsh species (~3
times higher in the outer part of the fjord and ~9 times higher in the
inner sectors) since they contain less Hg and more Se (Table 2). Al-
though Hg and Se concentrations were correlated in both tusk and
blue ling from the inner part of Hardangerfjord, tusk with higher Hg
concentrations had higher HBVSe values than blue ling. This may be
due to differences in bioaccumulation mechanisms and toxicokinetics
of Se and Hg across taxa which have important implications for seafood
safety and overall food security.
4. Conclusions
Hardangerfjord is a Hg impacted fjord with a pollution source at the
end of its inner sector and provides a unique opportunity to investigate
Hg bioavailability in seafood species commonly consumed by humans.
Although the direct release of jarosite containing contaminants from
the zinc plant into Hardangerfjord was stopped in 1986, legacy Hg is
still present in the environment and concentrations in seawater and
sediment were highest close to this point source at the inner most
part of Sørfjord (Fig. 1). Tusk, blue ling and common ling from the entire
Hardangerfjord area and European lobster from the inner part of the
Hardangerfjord are highly polluted by Hg and well above the EUML.
Concentrations of Hg in both seafood, sediment, and seawater increased
from the open ocean to the inner part of the fjord. Although sedimentconcentrations were ten times higher in the inner fjord branch with a
PSP (Sørfjord) compared to an adjacent fjord branch that may have
been inﬂuenced by freshwater inputs, Hg concentrations in the demer-
sal ﬁsh species tusk sampled from each branch were similar. Although
Hg originating from the point source was methylated in sediments
and Hg contamination in both ﬁsh and crustacean species increased to-
wards the PSP, atmospheric Hg transferred by run-off and hydroelectric
power stations cannot be ruled out as important sources of Hg to biota.
The effects of the PSP, run-off and organic matter input from the
catchment, anaerobic conditions, and residence time gradually in-
creased in the same direction (towards inner parts) and therefore it is
difﬁcult to separate the effect of these different Hg pools on biota.
Adding a study in another fjord with similar conditions, but without a
pollution point source or conducting Hg stable isotope analysis on ter-
restrial and marine ecosystem compartments from Hardangerfjord
will likely help to better understand the relationship between different
sources of Hg, local biogeochemistry patterns andoverall bioavailability,
fate, and transport of MeHg.Acknowledgments
The authors wish to thank the technical staff in the laboratories at
the Institute ofMarine Research (IMR) for sample preparation and anal-
yses. We also thank Otte Bjelland at IMR for organizing the ﬁshing
cruises and master student Michael Lindgren for analyzing part of the
ﬁsh and crustacean samples. Photos used in the graphical abstract were
reprintedwith permission; European lobster (photo credit: E. Senneset,
IMR) and brown crab (photo credit: O. Paulsen, IMR). We thank Arne
Duinker for assistance with preparing the study area map. This study
was supported by funding from three organizations including: Norwe-
gian Ministry of Trade, Industry and Fisheries, Norwegian Food Safety
Authority and Institute of Marine Research.
Appendix A. Supplementary data
Supplementary data to this article can be found online at https://doi.
org/10.1016/j.scitotenv.2019.02.352.References
Albretsen, J., 2011. NorKyst-800 report no. 1: User manual and technical descriptions.
Fisken Havet.
Al-Majed, N., Preston, M., 2000. Factors inﬂuencing the total mercury andmethyl mercury
in the hair of the ﬁshermen of Kuwait. Environ. Pollut. 109, 239–250.
Asplin, L., Salvanes, A.G.V., Kristoffersen, J.B., 1999. Nonlocal wind-driven fjord–coast ad-
vection and its potential effect on plankton and ﬁsh recruitment. Fish. Oceanogr. 8,
255–263.
Asplin, L., Johnsen, I.A., Sandvik, A.D., Albretsen, J., Sundfjord, V., Aure, J., Boxaspen, K.K.,
2014. Dispersion of salmon lice in the Hardangerfjord. Mar. Biol. Res. 10, 216–225.
Avramescu, M.-L., Yumvihoze, E., Hintelmann, H., Ridal, J., Fortin, D., Lean, D.R., 2011. Bio-
geochemical factors inﬂuencing net mercury methylation in contaminated freshwa-
ter sediments from the St. Lawrence River in Cornwall, Ontario, Canada. Sci. Total
Environ. 409, 968–978.
Azad, A.M., Frantzen, S., Bank, M.S., Nilsen, B.M., Duinker, A., Madsen, L., Maage, A., 2019.
Effects of geography and species variation on selenium and mercury molar ratios in
Northeast Atlantic marine ﬁsh communities. Sci. Total Environ. 652, 1482–1496.
Bank, M.S., Chesney, E., Shine, J.P., Maage, A., Senn, D.B., 2007. Mercury bioaccumulation
and trophic transfer in sympatric snapper species from the Gulf of Mexico. Ecol.
Appl. 17, 2100–2110.
Barrento, S., Marques, A., Teixeira, B., Vaz-Pires, P., Carvalho, M.L., Nunes, M.L., 2008. Es-
sential elements and contaminants in edible tissues of European and American lob-
sters. Food Chem. 111, 862–867.
Batista, J., Schuhmacher, M., Domingo, J., Corbella, J., 1996. Mercury in hair for a child pop-
ulation from Tarragona Province. Spain. Sci. Total Environ. 193, 143–148.
Bełdowska, M., Saniewska, D., Falkowska, L., 2014. Factors inﬂuencing variability of mer-
cury input to the southern Baltic Sea. Mar. Pollut. Bull. 86, 283–290.
Berg, V., Ugland, K.I., Hareide, N.R., Groenningen, D., Skaare, J.U., 2000. Mercury, cadmium,
lead, and selenium in ﬁsh from a Norwegian fjord and off the coast, the importance of
sampling locality presented at QUASIMEME–QUASH 1999, Egmond aan Zee, The
Netherlands, October 6–9, 1999. J. Environ. Monit. 2, 375–377.
Bergstad, O.A., 1991. Distribution and trophic ecology of some gadoid ﬁsh of the Norwe-
gian deep: 1. Accounts of individual species. Sarsia 75, 269–313.
636 A.M. Azad et al. / Science of the Total Environment 667 (2019) 622–637Black, F.J., Conaway, C.H., Flegal, A.R., 2012. Mercury in the marine environment. in: Bank,
M.S. (Ed.). Mercury in the Environment. Pattern and Process. University of California
Press, Berkeley, CA USA. p. 360 p.
Bloom, N.S., 1992. On the chemical form of mercury in edible ﬁsh andmarine invertebrate
tissue. Can. J. Fish. Aquat. Sci. 49, 1010–1017.
Blum, J.D., Popp, B.N., Drazen, J.C., Choy, C.A., Johnson, M.W., 2013. Methylmercury pro-
duction below the mixed layer in the North Paciﬁc Ocean. Nat. Geosci. 6, 879.
Braune, B., Outridge, P., Fisk, A., Muir, D., Helm, P., Hobbs, K., Hoekstra, P., Kuzyk, Z., Kwan,
M., Letcher, R., 2005. Persistent organic pollutants and mercury inmarine biota of the
Canadian Arctic: an overview of spatial and temporal trends. Sci. Total Environ. 351,
4–56.
Bravo, A.G., Kothawala, D.N., Attermeyer, K., Tessier, E., Bodmer, P., Amouroux, D., 2018.
Cleaning and sampling protocol for analysis of mercury and dissolved organic matter
in freshwater systems. MethodsX 5, 1017–1026.
deBruyn, A.M., Trudel, M., Eyding, N., Harding, J., McNally, H., Mountain, R., Orr, C., Urban,
D., Verenitch, S., Mazumder, A., 2006. Ecosystemic effects of salmon farming increase
mercury contamination in wild ﬁsh. Environmental Science & Technology 40,
3489–3493.
Cameron, J.N., 1989. Post-moult calciﬁcation in the blue crab, Callinectes sapidus: timing
and mechanism. J. Exp. Biol. 143, 285–304.
Canli, M., Furness, R., 1993. Heavy metals in tissues of the Norway lobster Nephrops
norvegicus: effects of sex, size and season. Chem. Ecol. 8, 19–32.
Cavalheiro, J., Sola, C., Baldanza, J., Tessier, E., Lestremau, F., Botta, F., Preud'homme, H.,
Monperrus, M., Amouroux, D., 2016. Assessment of background concentrations of or-
ganometallic compounds (methylmercury, ethyllead and butyl-and phenyltin) in
French aquatic environments. Water Res. 94, 32–41.
Celo, V., Lean, D.R., Scott, S.L., 2006. Abiotic methylation of mercury in the aquatic envi-
ronment. Sci. Total Environ. 368, 126–137.
CEN, 2009. Foodstuffs-determination of trace elements – determination of arsenic, cad-
mium, mercury and lead in foodstuffs by inductively coupled plasma mass spectrom-
etry (ICP-MS) after pressure digestion, European Committee for Standardization
(CEN). EN 15763, 2009.
Cohen, D.M., Lnada, T., Lwamoto, T., 1990. An Annotated Illustrated Catalogue of Cods,
Hakes, Grenadiers Other Gadiform Fishes Known to Date. FAO Species CatalogueVol.
10 Gadiform Fishes of the World (Order Gadiforrmes). 442.
Compeau, G.C., Bartha, R., 1987. Effect of salinity on mercury-methylating activity of sulfate-
reducing bacteria in estuarine sediments. Appl. Environ. Microbiol. 53, 261–265.
Cresson, P., Fabri, M.-C., Bouchoucha, M., Papa, C.B., Chavanon, F., Jadaud, A., Knoery, J.,
Miralles, F., Cossa, D., 2014. Mercury in organisms from the northwestern Mediterra-
nean slope: importance of food sources. Sci. Total Environ. 497, 229–238.
Cristo, M., Cartes, J.E., 1998. A comparative study of the feeding ecology of Nephrops
norvegicus L. (Decapoda: Nephropidae) in the bathyal Mediterranean and the adja-
cent Atlantic. Sci. Mar. 62 (S1), 81–90.
Cross, F.A., Evans, D.W., Barber, R.T., 2015. Decadal declines of mercury in adult blueﬁsh
(1972–2011) from the mid-Atlantic coast of the USA. Environ. Sci. Technol. 49,
9064–9072.
Driscoll, C.T., Mason, R.P., Chan, H.M., Jacob, D.J., Pirrone, N., 2013. Mercury as a global pol-
lutant: sources, pathways, and effects. Environ. Sci. Technol. 47, 4967–4983.
EC, 2006. Commission Regulation (EC) No 1881/2006 of 19 December 2006 setting max-
imum levels for certain contaminants in foodstuff. 2006R1881-EN-01.09. 2014-
014.001-1.
Engel, D.W., 1983. The intracellular partitioning of trace metals in marine shellﬁsh. Sci.
Total Environ. 28, 129–140.
Everaert, G., Ruus, A., Hjermann, D.Ø., Borgå, K., Green, N., Boitsov, S., Jensen, H., Poste, A.,
2017. Additive models reveal sources of metals and organic pollutants in Norwegian
marine sediments. Environ. Sci. Technol. 51, 12764–12773.
Falk-Petersen, I.-B., Kanapathippilai, P., Primicerio, R., Hansen, T.K., 2010. Size, locality and
seasonally related feeding preferences of commonwolfﬁsh (Anarhichas lupus L.) from
north-Norwegian waters. Mar. Biol. Res. 6, 201–212.
Fitzgerald, W.F., Engstrom, D.R., Mason, R.P., Nater, E.A., 1998. The case for atmospheric
mercury contamination in remote areas. Environ. Sci. Technol. 32, 1–7.
Haidvogel, D.B., Arango, H.G., Hedstrom, K., Beckmann, A., Malanotte-Rizzoli, P.,
Shchepetkin, A.F., 2000. Model evaluation experiments in the North Atlantic Basin:
simulations in nonlinear terrain-following coordinates. Dynam. Atmos. Ocean. 32,
239–281.
Haug, A., Melsom, S., Omang, S., 1974. Estimation of heavy metal pollution in two Norwe-
gian fjord areas by analysis of the brown alga Ascophyllum nodosum. Environ. Pollut.
7, 179–192.
Hong, Y.-S., Kim, Y.-M., Lee, K.-E., 2012. Methylmercury exposure and health effects.
J. Prev. Med. Public Health 45, 353–363.
Husebø, Å., Nøttestad, L., Fosså, J., Furevik, D., Jørgensen, S., 2002. Distribution and abun-
dance of ﬁsh in deep-sea coral habitats. Hydrobiologia 471, 91–99.
Hylander, L.D., Gröhn, J., Tropp, M., Vikström, A., Wolpher, H., e Silva, E.d.C., Meili, M.,
Oliveira, L.J., 2006. Fish mercury increase in Lago Manso, a new hydroelectric reser-
voir in tropical Brazil. J. Environ. Manag. 81, 155–166.
IMR, 2008. Institute of Marine Research, https://www.hi.no/temasider/skalldyr/
taskekrabbe/en.
IMR, 2018. Institute of Marine Research, https://sjomatdata.hi.no/#search/.
ISO12846, 2012. Water quality - Determination of mercury - Method using atomic ab-
sorption spectrometry (AAS) with and without enrichment (ISO 12846:2012).
Jassby, A.D., Cloern, J.E., 2000. Organic matter sources and rehabilitation of the
Sacramento–San Joaquin Delta (California, USA). Aquat. Conserv.: Mar. Freshwat.
Ecosyst. 10, 323–352.
Jonsson, S., Skyllberg, U., Nilsson, M.B., Lundberg, E., Andersson, A., Björn, E., 2014. Differ-
entiated availability of geochemical mercury pools controls methylmercury levels in
estuarine sediment and biota. Nat. Commun. 5, 4624.Julshamn, K., Grahl-Nielsen, O., 1996. Distribution of trace elements from industrial dis-
charges in the Hardangerfjord, Norway: a multivariate data analysis of saithe, ﬂoun-
der and blue mussel as sentinel organisms. Mar. Pollut. Bull. 32, 564–571.
Julshamn, K., Torpe, E.K., Børnes, C., Sæthre, L.J., Maage, A., 2001. Cadmium, lead, copper
and zinc in blue mussels (Mytilus edulis) sampled in the Hardangerfjord. Norway.
J. Environ. Monit. 3, 539–542.
Julshamn, K., Maage, A., Norli, H.S., Grobecker, K.H., Jorhem, L., Fecher, P., de la Hinojosa,
I.M., Viehweger, L., Mindak, W., Lindholm, K., 2007. Determination of arsenic, cad-
mium, mercury, and lead by inductively coupled plasma/mass spectrometry in
foods after pressure digestion: NMKL interlaboratory study. J. AOAC Int. 90, 844–856.
Kahl, J., Nelson, S., Fernandez, I., Haines, T., Norton, S., Wiersma, G., Jacobson, G.,
Amirbahman, A., Johnson, K., Schaufﬂer, M., 2007. Watershed nitrogen and mercury
geochemical ﬂuxes integrate landscape factors in long-term research watersheds at
Acadia National Park, Maine. USA. Environ. Monit. Assess. 126, 9–25.
Kasper, D., Forsberg, B.R., Amaral, J.o.H., Leitão, R.P., Py-Daniel, S.S., Bastos, W.R., Malm, O.,
2014. Reservoir stratiﬁcation affects methylmercury levels in river water, plankton,
and ﬁsh downstream from Balbina hydroelectric dam, Amazonas, Brazil. Environ.
Sci. Technol. 48, 1032–1040.
Kvangarsnes, K., Frantzen, S., Julshamn, K., Sæthre, L.J., Nedreaas, K., Maage, A., 2012. Dis-
tribution of mercury in a gadoid ﬁsh species, tusk (Brosme brosme), and its implica-
tion for food safety. J. Food Sci. Eng. 2, 603.
Lambertsson, L., Nilsson, M., 2006. Organic material: the primary control on mercury
methylation and ambient methyl mercury concentrations in estuarine sediments. En-
viron. Sci. Technol. 40, 1822–1829.
Lamborg, C.H., Hammerschmidt, C.R., Bowman, K.L., Swarr, G.J., Munson, K.M., Ohnemus,
D.C., Lam, P.J., Heimbürger, L.-E., Rijkenberg, M.J.A., Saito, M.A., 2014. A global ocean
inventory of anthropogenic mercury based on water column measurements. Nature
512, 65.
Lee, C.-S., Lutcavage, M.E., Chandler, E., Madigan, D.J., Cerrato, R.M., Fisher, N.S., 2016. De-
clining mercury concentrations in blueﬁn tuna reﬂect reduced emissions to the North
Atlantic Ocean. Environ. Sci. Technol. 50, 12825–12830.
Magalhães, M.C., Costa, V., Menezes, G.M., Pinho, M.R., Santos, R.S., Monteiro, L.R., 2007.
Intra-and inter-speciﬁc variability in total and methylmercury bioaccumulation by
eight marine ﬁsh species from the Azores. Mar. Pollut. Bull. 54, 1654–1662.
Mason, R.P., Fitzgerald, W.F., Morel, F.M., 1994. The biogeochemical cycling of elemental
mercury: anthropogenic inﬂuences. Geochim. Cosmochim. Acta 58, 3191–3198.
Mason, R.P., Choi, A.L., Fitzgerald, W.F., Hammerschmidt, C.R., Lamborg, C.H., Soerensen,
A.L., Sunderland, E.M., 2012. Mercury biogeochemical cycling in the ocean and policy
implications. Environ. Res. 119, 101–117.
McMeans, B.C., Svavarsson, J., Dennard, S., Fisk, A.T., 2010. Diet and resource use among
Greenland sharks (Somniosus microcephalus) and teleosts sampled in Icelandic wa-
ters, using δ13C, δ15N, and mercury. Can. J. Fish. Aquat. Sci. 67, 1428–1438.
Meeren, V.d., 2007. Institute of marine research, https://www.hi.no/temasider/skalldyr/
hummer/europeisk_hummer/en.
Melhuus, A., Seip, K., Seip, H., Myklestad, S., 1978. A preliminary study of the use of ben-
thic algae as biological indicators of heavy metal pollution in Sørfjorden. Norway. En-
viron. Pollut. 15, 101–107.
Minganti, V., Capelli, R., De Pellegrini, R., Orsi-Relini, L., Relini, G., 1990. The presence of
inorganic and organic mercury and selenium in Nephrops norvegicus from the Ligu-
rian Sea. Sci. Total Environ. 95, 53–60.
Monperrus, M., Tessier, E., Veschambre, S., Amouroux, D., Donard, O., 2005. Simultaneous
speciation of mercury and butyltin compounds in natural waters and snow by
propylation and species-speciﬁc isotope dilution mass spectrometry analysis. Anal.
Bioanal. Chem. 381, 854–862.
NMKL, 2007. Trace elements – As, Cd, Hg and Pb. Determination by ICP-MS after pressure
digestion. Nordic Committee on Food Analysis (www.nmkl.org) Protocol No. 186.
Noël, L., Chafey, C., Testu, C., Pinte, J., Velge, P., Guérin, T., analysis, 2011. Contamination
levels of lead, cadmium and mercury in imported and domestic lobsters and large
crab species consumed in France: Differences between white and brown meat. J.
Food Compos. Anal. 24, 368–375.
Olivero, J., Johnson, B., Arguello, E., 2002. Human exposure to mercury in san Jorge river
basin, Colombia (South America). Sci. Total Environ. 289, 41–47.
Olmedo, P., Pla, A., Hernández, A., Barbier, F., Ayouni, L., Gil, F., 2013. Determination of
toxic elements (mercury, cadmium, lead, tin and arsenic) in ﬁsh and shellﬁsh sam-
ples. Risk assessment for the consumers. Environ. Int. 59, 63–72.
Pestana, I.A., Azevedo, L.S., Bastos, W.R., de Souza, C.M.M., 2018. The impact of hydroelec-
tric dams on mercury dynamics in South America: a review. Chemosphere.
Pettersson, L.-E., 2008. Beregning av totalavløp til Hardangerfjorden. NVE report in
Norwegian.
Power, M., Klein, G., Guiguer, K., Kwan, M., 2002. Mercury accumulation in the ﬁsh com-
munity of a sub-Arctic lake in relation to trophic position and carbon sources. J. Appl.
Ecol. 39, 819–830.
Ralston, N.V., Ralston, C.R., Blackwell III, J.L., Raymond, L.J., 2008. Dietary and tissue sele-
nium in relation to methylmercury toxicity. Neurotoxicology 29, 802–811.
Ralston, N.V., Ralston, C.R., Raymond, L.J., 2016. Selenium health beneﬁt values:
updated criteria for mercury risk assessments. Biol. Trace Elem. Res. 171,
262–269.
Romeo, M., Siau, Y., Sidoumou, Z.n., Gnassia-Barelli, M., 1999. Heavy metal distribution in
different ﬁsh species from the Mauritania coast. Sci. Total Environ. 232, 169–175.
Rua-Ibarz, A., Bolea Fernandez, E., Maage, A., Frantzen, S., Sanden, M., Vanhaecke, F., 2019.
Tracing mercury pollution along the Norwegian coast via elemental, speciation and
isotopic analysis of liver and muscle tissue of deep-water marine ﬁsh (Brosme
brosme). Environ. Sci. Technol. 53, 1776–1785.
Rudd, J.W., Bodaly, R., Fisher, N.S., Kelly, C., Kopec, D., Whipple, C., 2018. Fifty years after
its discharge, methylation of legacy mercury trapped in the Penobscot Estuary sus-
tains high mercury in biota. Sci. Total Environ. 642, 1340–1352.
637A.M. Azad et al. / Science of the Total Environment 667 (2019) 622–637Ruus, A., Green, N., 2007. Monitoring the environmental quality in the Sørfjord 2006. Con-
taminants in organisms. Overvåking avmiljøforholdene i Sørfjorden 2006, Delrapport
3, Miljøgifter i organismer, Norsk institutt for vannforskning. Norwegian, Summary in
English, Oslo (2007), 23–24.
Schartup, A.T., Balcom, P.H., Mason, R.P., 2014. Sediment-porewater partitioning, total sul-
fur, and methylmercury production in estuaries. Environ. Sci. Technol. 48, 954–960.
Schartup, A.T., Balcom, P.H., Soerensen, A.L., Gosnell, K.J., Calder, R.S., Mason, R.P.,
Sunderland, E.M., 2015. Freshwater discharges drive high levels of methylmercury
in Arctic marine biota. Proc. Natl. Acad. Sci. U. S. A. 112, 11789–11794.
Senn, D.B., Chesney, E.J., Blum, J.D., Bank, M.S., Maage, A., Shine, J.P., 2010. Stable isotope
(N, C, Hg) study of methylmercury sources and trophic transfer in the northern
Gulf of Mexico. Environ. Sci. Technol. 44, 1630–1637.
Shchepetkin, A.F., McWilliams, J.C., 2005. The regional oceanic modeling system (ROMS):
a split-explicit, free-surface, topography-following-coordinate oceanic model. Ocean
Model. Online 9, 347–404.
Skei, J., Price, N., Calvert, S., Holtedahl, H., 1972. The distribution of heavy metals in sedi-
ments of Sörfjord, West Norway. Water Air Soil Pollut. 1, 452–461.
Soerensen, A., Schartup, A., Skrobonja, A., Bouchet, S., Amouroux, D., Liem-Nguyen, V.,
Bjorn, E., 2018. Deciphering the role of water column redoxclines on methylmercury
cycling using speciation modeling and observations from the Baltic Sea. Glob.
Biogeochem. Cycles 32, 1498–1513.
Stenner, R.t., Nickless, G., 1974. Distribution of some heavy metals in organisms in
Hardangerfjord and Skjerstadfjord, Norway. Water Air Soil Pollut. 3, 279–291.
Strode, S.A., Jaeglé, L., Selin, N.E., Jacob, D.J., Park, R.J., Yantosca, R.M., Mason, R.P., Slemr, F.,
2007. Air-sea exchange in the global mercury cycle. Glob. Biogeochem. Cycles 21,
GB1017.Svendsen, M.L., Steinnes, E., Blom, H.A., 2007. Vertical and horizontal distributions of Zn,
Cd, Pb, Cu, and Hg in uncultivated soil in the vicinity of a zinc smelter at Odda,
Norway. Soil & Sediment Contamination 16, 585–603.
Topping, G., Davies, I.M., 1981. Methylmercury production in the marine water column.
Nature 290, 243.
Turner, A., Millward, G., 2002. Suspended particles: their role in estuarine biogeochemical
cycles. Estuar. Coast. Shelf Sci. 55, 857–883.
Ullrich, S.M., Tanton, T.W., Abdrashitova, S.A., 2001. Mercury in the aquatic environment:
a review of factors affecting methylation. Crit. Rev. Environ. Sci. Technol. 31, 241–293.
USEPA, 1998. Method 1630, Methyl Mercury inWater by Distillation, Aqueous Ethylation,
Purge and Trap, and CVAFS. US Environmental Protection Agency, Washington, DC.
Vo, A.-T.E., Bank, M.S., Shine, J.P., Edwards, S.V., 2011. Temporal increase in organic mer-
cury in an endangered pelagic seabird assessed by century-old museum specimens.
Proceedings of the National Academy of Sciences. USA 108, 7466–7471.
Wang, K., Munson, K.M., Beaupré-Laperrière, A., Mucci, A., Macdonald, R.W., Wang, F.,
2018. Subsurface seawater methylmercury maximum explains biotic mercury con-
centrations in the Canadian Arctic. Sci. Rep. 8, 14465.
Watras, C.J., Bloom, N.S., 1992. Mercury and methylmercury, in individual zooplankton:
implications for bioaccumulation. Limnol. Oceanogr. 37, 1313–1318.
Weber, J.H., 1993. Review of possible paths for abiotic methylation of mercury (II) in the
aquatic environment. Chemosphere 26, 2063–2077.
Yin, R., Feng, X., Li, Z., Zhang, Q., Bi, X., Li, G., Liu, J., Zhu, J., Wang, J., 2012. Metallogeny and
environmental impact of Hg in Zn deposits in China. Appl. Geochem. 27, 151–160.
Zar, J.H., 2010. Biostatistical Analysis. 5th ed. Prentice-Hall/Pearson, Upper Saddle River, N.J.
